Introduction

37
The rapid industrial and urban development which occurred in the second half of the 20 th 38 century allowed the emergence of millions of persistent anthropogenic chemicals in our 39 environment without prior study of their toxicity. In recent years, a newly defined category of 40 these chemicals, with the potential to interact with the endocrine system have emerged and 41 aroused considerable interest of scientific communities. Named endocrine disrupting-42 chemicals (EDCs), these substances are defined as "exogenous agents that interfere with the 43 synthesis, secretion, transport, binding, action, or elimination of natural hormones which are 44 responsible for maintenance of homeostasis, reproduction, development and/or behavior" 45 (Kavlock et al., 1996) . In the aquatic environment, occurring EDCs are very diverse in terms 46 of chemical nature and origins (Vos et al., 2000) . 47
Up to date, most attention has been directed to identifying estrogenic chemicals, i.e. those 48 capable of binding to and activating the estrogen receptor (ER), because many of the effects 49 reported in wildlife appear to be a consequence of feminization of males (Sumpter et al., 50 2005) . However, many environmental contaminants can interfere with other molecular targets 51 involved in the regulation of the endocrine system. These include other nuclear receptors like 52 androgen receptor (AR), pregnane X receptor (PXR, e.g. Mnif et al., 2007) as well as 53 steroidogenesis enzymes like aromatase (e.g. Laville et al., 2006) . EDCs can also act via 54 indirect mechanisms such as (anti)estrogenic effect mediated by aryl hydrocarbon receptor 55 (AhR) ligands through an ER/AhR cross-talk dependent mechanism (Othake et al., 2003 (Othake et al., , 56 2007 . Therefore, a comprehensive assessment of EDC hazard should take into account the 57 ability of chemicals to interfere with different targets of the endocrine system (Houtman et al., 58 The estrogenic, PXR and (anti-)androgenic activities of the extracts were monitored by using 136 the MELN, HG 5 LN-PXR and MDA-kb2 reporter cell lines, respectively. The MELN cell line 137 was obtained by stable transfection of MCF-7 human breast cancer cells by an Luc-SVNeo plasmid (Balaguer et al., 2001) . The HG 5 LN-PXR cell line was derived from 139
HeLa cells that were first stably transfected with GAL4RE 5 -bGlob-Luc-SV-Neo (HG 5 LN 140 cells) before being stably transfected with the pSG5-GAL4(DBD)-hPXR(LBD)-puro plasmid 141 (Lemaire et al., 2006) . The MDA-kb2 cell line (ATCC, #CRL-2713) was derived from the 142 MDA-MB-453 human breast cancer cells. They were stably transfected by a MMTV 143 promoter-luciferase plasmid construct, which is under the control of endogenous AR and 144 glucocorticoid receptor (GR) (Wilson et al., 2002) . All reporter cell lines were routinely 145 cultured in phenol red containing Dulbecco's Modified Eagle's Medium (DMEM), 146 supplemented with 5% foetal calf serum (FCS), 1% nonessential amino acids and 147 penicillin/streptomycin (50 U/mL each) in a 5% CO 2 humidified atmosphere at 37 °C. For 148 experiments, cells were left to incubate for two days in phenol red free DMEM supplemented 149 with 3% dextran charcoal coated-FCS (DCC medium) before seeded in white opaque wells culture plates at a density of 50 000 cells per well. Serial dilutions of reference 151 chemicals or organic extracts were added in triplicates 24 h later and then left to incubate for 152 16 h. In all assays, DMSO in the culture medium was always at 0.5% v/v, including in cell 153 controls. At this concentration, it did not affect cell viability or luciferase activity. At the end 154 of the incubation period, the medium was removed and replaced by 50 μL of DCC medium 155 containing 0.3 mM of D-luciferin and the luminescence signal was measured in living cells 156 for 2 seconds per well with a microtiter plate luminometer (μBeta, Wallac The fish hepatic PLHC-1 cell line (ATCC, #CRL-2406) was described by Ryan and 166 Hightower (1994) . The cells were routinely grown at 30 °C in E-MEM culture media 167 supplemented with 10 % FCS and 1 % antibiotics in a 5 % CO 2 humidified atmosphere. For 168 experiments, cells were seeded in 96-well plates at a density of approximately 50 000 cells 169 per well. After 24 hours of incubation, cells were exposed to test chemicals or sample extracts 170 for either a 4 h or 24 h incubation period, in order to differentiate between dioxin-like 171 compounds that are rapidly metabolized (e.g. PAHs) in the cells and dioxin-like chemicals 172 that are persistent in the cells (e.g. dioxins) (Louiz et al., 2008) . Then, plates were processed 173 for 7-ethoxyresorufin-O-deethylase (EROD) activity in intact cells, following the protocol 174 previously described by Laville et al. (2004) . Results were expressed as percent of EROD 175 activity induced by the positive control (TCDD 1 nM). 176
Cell viability 177
The effect of test compounds or samples on cellular viability in the different cell lines was 178 evaluated by using the methyl-thiazol-tetrazolium (MTT) assay (Mosmann, 1983 ), as 179 previously described (Laville et al., 2004) . 180 181
Chemical analyses 182
Two mass spectrometers coupled with chromatography have been used for the quantitative 183 analysis: a "CP3800" gas chromatograph system equipped with a "CP8400" autosampler and 184 coupled to a "Saturn 2000" ion trap mass spectrometer (Varian, Les Ulis, France) for the GCFrance) mass spectrometer for LC-MS/MS. Before performing the chemical analysis, a 187 portion of each extract was purified according to a method previously described by Hartmann 188 et al., (2007) . 189
GC-MS and GC-MS/MS analyses 190
The chromatographic separation was performed with a 60 m "Factor four VF-10-MS" (10% 191 phenyl, 90 % methylpolysiloxane) capillary column (internal diameter: 0.25 mm, film 192 thickness: 0.25 µm) from Varian. All experiments were performed by automatically injecting 193 2.0 µL of sample in the splitless mode at a rate of 50 µL/s. Helium (99.999% purity) was used 194 as the carrier gas at a constant flow of 1.0 mL/min for PAHs analysis and at 1.4 mL/min for 195 the other target compounds; and was held a constant flow by electronic pressure control. The 196 injector temperature was set to300 °C. The split valve opened after 1 min, with a split ratio of 197 35/100. The manifold, ion trap source and transfer line temperatures were set to 120, 220 and 198 300 °C, respectively. 199 For the GC-MS analysis, except for organochlorines pesticides, all acquisition methods have 200 been previously described, the corresponding references being reported on Table 2 according  201 to the investigated chemical families. For HCB, vinclozolin, metolachlor, o, methoxychlor and fenarimol analysis, the capillary 203 column was initially set at 80°C for thirty seconds, then ramped up to 280°C at 15 °C/min. 204 After 4.0 min at this value, the temperature was finally increased at 20 °C/min up to 350, 205 where it was held for 3.67 min. The total duration of GC analysis was 21 min. Ions were 206 formed under electro-ionization at 70 eV with an emission current of 80 µA. The mass 207 spectrometer was operated using a hybrid acquisition mode alternating MS/MS and SIS 208 detection.
LC/MS is equipped with an electrospray ionization (ESI) source operated in negative-ion 211 mode. The analytical column used was a Pursuit C18 (150 mm x 2.1 mm I.D., 5µm particle 212 size, Varian, France) and a mobile phase consisting of acetonitrile (A) and water (B). The 213 gradient conditions were as followed: 25% of (A) and 75% of (B) for 2 min, followed by a 214 linear increase to 75% (A) at 16 min and 2 min hold at 75% (A). The flow rate was 0.2 215 mL/min and the injection volume was 20 µL. Only phytoestrogens were analysed by LC-MS. 216
The mass spectrometer was operated in order to record the MS/MS spectrum of deprotonated 217 Sigmoid dose-response curves and efficient concentrations (i.e. EC 25 and EC 50 , corresponding 227 to concentrations of sediment extracts and chemical standards giving respectively 25 and 50% 228 of the maximum luciferase or EROD activities) were determined with the Regtox 7.5 229 Microsoft Excel TM macro by using Hill equation (Vindimian et al., 1983) and freely available 230 at http://eric.vindimian.9online.fr. In all bioassays, significant responses were defined as those 231 greater than two times the standard deviation of the response obtained with DMSO (solvent 232 control). The dioxin-like, estrogenic, (anti)androgenic and PXR activities in samples derived 233 from bioassays were expressed as BaP-or TCDD-, E2-, DHT-, Flu-and SR12813-equivalents 234 (Bio-ref-EQs) , respectively, which were determined as the ratio of the EC 25 of the referencechemicals expressed as ng/L or µg/L to that of the sample expressed as equivalent gram of dry 236 weight sediment per litre (g EQ/L). 237
In order to estimate the contribution of analysed compounds to the total activity detected by a 238 bioassay, the measured concentrations (as ng/g sed wt) were converted to toxic-equivalent 239 activities derived from chemical analysis (Chem-ref-EQs) , that is Chem-BaP-EQ, Chem-240 TCDD-EQ, Chem-E2-EQ, Chem-DHT-EQ, Chem-Flu-EQ and Chem-SR12813-EQ, in each 241 
Results
The dose-response curves for EROD induction by all organic extracts are shown in Figure 1 . 260
All samples elicited significant EROD activity, indicating a general contamination by dioxin-261 like compounds in all studied sites. Sample responses varied greatly depending on the studied 262 site and exposure duration. Except for the Ais site after 24 h of exposure, the dose-response 263 curves were fairly complete and almost parallel to the dose-response curves for reference 264 chemicals. This allowed us to use EC 50 values for calculation of biological BaP-EQs and 265 TCCD-EQs (summarized in Table 3 In order to test this hypothesis, the 16 priority PAHs were analysed in the extracts (Table 3) . (Table 4) , with the highest activity in the Réveillon sediment extract. 294
Overall, the results presented in Table 4 showed that E1, β-E2, 1OHPyr and BPA were 295 detected in all samples, while the synthetic estrogens were never detected. The Réveillon site 296 was the most contaminated by xeno-estrogens, with measurable levels of natural estrogens, 297 alkylphenols, PAH metabolites, parabens, chlorinated pesticides, as well as detectable levels 298 of the zearalenone metabolites α-ZAL and β-ZAL. -E2 was detected at Rhonelle and Aisne 299 sites; equol was present at Rhonelle site, while other myco-and phyto-estrogens were not 300 detected. 301
In Aisne, Vallon du Vivier and Lézarde sediments, the Bio-E2-EQs were totally explained 302 only by the presence of E1 and β-E2. However, differences between chemical and biological 303 measurements were observed for Réveillon and Rhonelle sediments with Chem-E2-EQs / 304
Biol-E2-EQs ratio values of 28 and 35%, respectively. This suggests that these sediments may 305 contain estrogenic substances that were not included in our analytical methods. 306
The dose-response curves show detectable androgenic activity in Aisne and Rhonelle samples 309 Determination of Chem-Flu-EQs showed that several anti-androgenic compounds were 317 present, but at concentrations that could explain only a very minor part of the observed 318 biological anti-androgenic activities (Table 5) . 319 320
Detection of PXR ligands in river sediment extracts 321
No anti-PXR activity was noted in these samples (data not shown). However, all five samples 322 induced PXR activation in a dose-response manner (Figure 5a ). The response magnitudes 323 were always inferior to the maximum response produced by positive control (SR 12813 at 3 324 µM), and ranged from 30 % to 73 %. Nevertheless, luciferase induction was specific to PXR 325 activation since no luciferase increase was noted in the parental HG 5 LN cell line, which 326 expresses only the GAL4-luciferase construct (Figure 5b ). In HG 5 LN cell line, inhibition of 327 luciferase at high concentrations of Rev and Lez extracts was noted and reflected early toxic 328 events. 329
The low Chem-SR12813-EQ/Bio-SR12813 ratios showed that 4tOP, 4nNP, E2, E1, BPA, 330 endosulfan and o,p'-DDT, which are known PXR ligands, poorly contributed to Bio-331 SR12813-EQs in the samples (Table 5) . Thus, the detected PXR activities were due to other 332 non analysed compounds. 
Discussion
336
In vitro profiling of sediment extracts showed multiple contaminations by dioxin-like and 337 endocrine active chemicals in small streams subjected to diffuse anthropogenic pollution. The 338 natural estrogens E2 and E1 and of PAH-like compounds were identified as main 339 contributors to estrogenic and dioxin-like activities, respectively, as determined by the 340 bioassays. Conversely, (anti)androgenic and PXR-mediated activities were detected but the 341 responsible compounds could not be identified using targeted chemical analyses. 342
PAHs and EROD inducing compounds 343
To some extent, the levels of PAHs measured in this study were in line with previous studies 344 in French freshwater watersheds. For instance, total PAH content ranged from 1.2 to 12.5 345 µg/g of dry sediment at various sites from the Seine estuary (Cachot et al., 2006) , and from 346 2.3 to 41.3 µg/g in the Seine and Marne rivers sampled at urban sites nearby Paris (Ollivon et 347 al., 2002) . In our study, the highest PAH levels were detected in areas subjected to mixed 348 anthropogenic pressures like the Réveillon, located in urban area upstream of Paris, and the 349 Lézarde river, located nearby a highway road. Conversely, the Aisne site was located in a non 350 urbanized area and was logically found as low contaminated by PAHs. 351 In all samples, PAH-like compounds were major contributors of dioxin-like activity, which 352 mostly explained by PAHs with molecular weights (M.W.) of 228 and 252; however analyzed 353
PAHs explained only part of overall activity in PLHC-1 cells. This is not surprising since the 354 priority PAHs are used as qualitative tracers of pollution and we noted that other high 355 molecular weight PAHs, presumably active, were present in the samples (Figure 2) . Indeed, 356 fullscan chromatogram of Lézarde extract (data not shown) showed the presence of detectableaccounted for the detected activity in PLHC-1 cells, although this could not be tested in this 359 study. Similar conclusions have been reported by other studies that showed that a major 360 portion of AhR activity in river sediments was caused by nonpriority PAHs such as 361 methylated PAHs (e.g. Hollert et al., 2002; Brack et al., 2005) . In addition, many other 362 dioxin-like compounds such as polychlorinated dibenzo-p-dioxins (PCDDs), polychlorinated 363 dibenzofurans (PCDFs), polychlorinated biphenyls (PCBs), polychlorinated naphthalenes 364 (PCNs) and some organochlorine pesticides, which were not included in the analyses, might 365 also explain the differences between chemical and biological analyses. 366
(Xeno) Estrogens 367
The contamination of aquatic ecosystems by estrogenic compounds has been few reported in 368
France as compared to other industrialized countries. Nonetheless, effluents from sewage 369 water treatment plant (SWTP) have been shown to be the source of steroid estrogens at 370 different locations (Labadie and Budzinski, 2005, Muller et al., 2008; Cargouet et al., 2004) ; 371 in surface waters, natural and synthetic estrogens were also described as main estrogenic 372 chemicals in the Seine river downstream Paris, France (Cargouet et al., 2004) . In sediments 373 sampled downstream from a large SWTP in the Seine river, Fenet et al. (2003) reported that 374 alkylphenols were the main contributors to the estrogenic activities detected by MELN 375 bioassay while steroid estrogens were not measured in their study. This contrasts with the 376 very low contribution of alkylphenols measured in the present study where estrogenic 377 activities were predominantly explained by the natural estrogens E2 and E1. Since 378 alkylphenols are often considered as tracer compounds of water treatment effluents, the low 379 levels measured in our study could reflect the fact that our sites were not directly impacted by 380 SWTP effluents, the main source of aquatic pollution by alkylphenols. Nevertheless, other 381 studies in European countries have reported occurrence of steroid estrogens in river sediments 382 at similar levels than those found in our study, i.e. in the 0.3-5 ng/g range (Houtman et al.,2006; Labadie and Hill, 2007; Reddy et al., 2005; Matĕjíček et al., 2007) . Moreover, the large 384 contribution of natural estrogens to biological E2-EQs is in agreement with the study of 385 Houtman et al. (2006) who reported that E1 and E2 were responsible for more than 75 % of 386 the estrogenic activity in sediments from Zierikze harbour, The Netherlands. In the low 387 impacted sites (Aisne, Vallon du Vivier and Lézarde), natural estrogens nearly explained 100 388 % of the estrogenic activity detected by the bioassay. Conversely, in Réveillon and Rhonelle 389 samples, only a part (28 and 35 %) of the estrogenic activity was explained by E2 and E1, 390
suggesting the presence of other xeno-estrogens in the samples. The Réveillon River is under 391 pressure of multiple sources of contamination and was indeed found to be contaminated by 392 many organic chemicals from agricultural (pesticides) and urban/industrial (BPA, 393 alkylphenols, parabens) origins. However, the targeted xeno-estrogens could not explain the 394 overall estrogenic of the sample, hence suggesting the presence of other ER ligands that were 395 not included in our analyses. This stresses the limits of the Chem-EQ based approach to 396 identify bioactive compounds in complex mixtures and argues for further investigations, for 397 instance by using effect directed analysis (EDA) approaches based on sample fractionation 398 and identification of bioassay active fractions (Brack, 2003) , in order to better characterize the 399 contamination of this site by EDCs. 400
(Anti)androgenic activities 401
The occurrence of (anti)androgenic compounds in river sediments has been rarely reported as 402 compared to estrogenic or dioxin-like compounds. However, such compounds can be present 403 in river sediment since high levels of androgenic activities (1-15 ng DHT-EQ/g) were 404
quantified by using the YAS assay in sediment from United Kingdom estuaries (Thomas et 405 al., 2002) . Natural androgenic steroids in sewage treatment effluents were identified as 406 possible source of contamination (Thomas et al., 2002) . Recently, Urbatzka et al. (2007) 407 reported both androgenic and antiandrogenic activities in fractionated sediment extracts fromthe river Lambro, Italy, but the chemicals responsible for androgenicity in YAS assay were 409 not identified. Other studies have shown that pulp mill effluents (Jenkins et al., 2004) or 410 livestock feedlot effluents (Soto et al., 2004) are potential sources for androgens in the aquatic 411 environment. In our study, we detected androgenic activity (4 ng DHT-EQ/g) in Rhonelle 412 river sediment but the responsible compounds remain to be identified. In addition, 413 antiandrogenic activities were detected in three other sites (Rév, Lez and VdV). Although 414 several antiandrogenic chemicals were detected at these sites (i.e. BHT, BPA, alkylphenols, 415 pesticides, Table 5 ), the measured concentrations could explain only a minor part of the 416 activities measured in the MDA-kb2 bioassay. Therefore, the later were likely due to the 417 presence of other EDCs that have not been investigated in our chemical analyses. 418
PXR activities 419
To our knowledge, the present study is the first demonstration of PXR-mediated activity in 420 river sediments. The human PXR is known to be activated by a large panel of EQs. Since PXR shares several ligands with the estrogen receptor (ER), it was hypothesized 426 that several of the (xeno)estrogens detected in our samples could have contributed to the 427 PXR-mediated activity. However, the Chem-SR12813-EQ/Bio-SR12813-EQ ratios showed 428 that, at the measured concentrations, analyzed (xeno)estrogens only poorly contributed to the 429 SR12813-EQ quantities determined by the bioassay. Thus, more investigations using 430 fractionation and isolation procedures will be necessary to characterize the compounds 431 responsible for PXR activation in sediments. One promising methodology will likely consist 432 in the use of purified PXR immobilized on columns in order to isolate PXR ligands fromcomplex mixtures (Pillon et al., 2005; Balaguer et al., unpublished) . It is expected that such 434 approach will allow identifying environmental PXR ligands and thus providing further useful 435 information on the toxicological relevance of detection of PXR activity in aquatic ecosystems. 436
Comparison with fish biomarkers 437
In the present study, toxicological profiling of sediments showed the presence of a wide range 438 of chemicals that could potentially affect different molecular targets, namely ER, AR, AhR 439 and PXR, involved in the regulation of the endocrine system of exposed organisms. At the 440 studied sites, recent biomarker studies in wild three-spine stickleback (Gasterosteus 441 aculeatus) revealed fish exposure to different chemical stress including endocrine disrupters 442 and dioxin-like compounds (Sanchez et al., 2007 , Sanchez et al., 2008 . Although statistical 443 correlation between fish biomarker and in vitro bioassays could not be tested because of the 444 small number of sites, some concordances between the two approaches were noted. For 445 instance, vitellogenin induction in male stickleback has been evidenced in Réveillon and 446
Rhonelle rivers, which were the most active in the MELN assay (Table 4 ). In addition, female 447 stickleback from the Rhonelle River abnormally produced elevated levels of spigging, a male 448 glue protein synthesized in the kidney and used for building nest (Sanchez et al., 2008) . This 449 suggested exposure to androgenic compounds, which correlates with the finding of AR-450 mediated activity in MDA-kb2 cells in our study (Figure 4a ). For dioxin-like activities, 451 significant EROD induction in male and female stickleback was reported in Réveillon and 452
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